Summary
Introduction
Severe events such as floods and cyclones have the potential to have large ecological effects from the organism to ecosystem scale, posing significant threats to ecosystem structure, function and ultimately the provision of ecosystem services (Jentsch & Beierkuhnlein 2008) . The global human impact on coastal environments has contributed to calls for greater protection and conservation of marine ecosystems (Gell & Roberts 2003) . While initiatives such as pollution minimization and marine reserves are the focus for the majority of conservation strategies, understanding the capacity of ecosystems to absorb and adapt to severe events and retain necessary structures, functions and services has more recently become a key objective of conservation (Suding & Hobbs 2009) .
Coastal habitats generally experience multiple types of impacts from chronic disturbances, such as ongoing coastal eutrophication or sedimentation runoff (Thrush et al. 2004 ), but also large-scale, severe episodic floods or cyclones (Coumou & Rahmstorf 2012) . Severe events are usually of short duration but can have long-lasting effects on marine ecosystems and thus ultimately affect how they can be best managed (Carpenter et al. 2012) . They are considered to play a disproportionately large role in determining ecosystem structure and function (Jentsch & Beierkuhnlein 2008) , so with forecast increases in the frequency and magnitude of such events (Coumou & Rahmstorf 2012) , there is a pressing need to better understand the effects they have on ecosystems (Smith 2011) .
The capacity of an ecosystem to adapt to or absorb the effects of a severe event depends on the severity and longevity of the event (Barrett et al. 2008 ) and the tolerance range of the species present (Beierkuhnlein et al. 2011) . Once the capacity to absorb impact is exhausted, severe events can have sudden and long-lasting effects, often pushing ecosystems over thresholds towards other regimes (Allen & Breshears 1998) where recovery may be prolonged or not possible (Beisner, Haydon & Cuddington 2003) . To predict how ecosystems might respond to severe events, it is critical that we understand the processes that promote adaptation. Understanding these processes is particularly important in dominant, habitat-forming species that provide the basis for whole ecosystems (Arnone et al. 2011) .
In soft sediment coastal areas, seagrasses are common habitat-forming species (Larkum, Orth & Duarte 2006) . One of the central paradigms in seagrass ecology is that they provide high-value ecological services (Costanza et al. 1997) , so with global seagrass loss accelerating (Waycott et al. 2009 ), an understanding of how seagrass ecosystems will respond to the increasing incidence of severe events has become more important . Seagrasses are effective indicators of ecological stress as they integrate environmental impacts over different time-scales , are found in both tropical and temperate regions (Short et al. 2007 ) and inhabit those coastal zones closest to anthropogenic and natural impacts . Seagrasses are phenotypically plastic and exhibit high intraspecific variability in morphology (Abal et al. 1994; Udy & Dennison 1997 ) and physiology (Collier et al. 2008; Hughes, Stachowicz & Williams 2009 ) in response to light deprivation, so that their ability to withstand severe events is likely to vary across impact gradients.
This study examined the physiological and morphological responses of Zostera muelleri Irmisch ex Aschers., a widespread seagrass species, to the largest flood in 37 years (van den Honert & McAneney 2011) , experienced by Moreton Bay, eastern Australia, in January 2011. Previous floods in Moreton Bay in 1974 (Kirkman 1978) and in nearby Hervey Bay in 1992 (Preen, Lee Long & Coles 1995) and 1999 (Campbell & McKenzie 2004) preceded the loss of extensive areas of seagrass in these regions so developing an understanding of the biological stress indicators is useful for detecting negative effects before losses occur. Morphological and physiological parameters are useful early warning indicators for detecting the effect of impacts (Longstaff & Dennison 1999; Collier et al. 2008 Collier et al. , 2009 . This is based on the understanding that seagrasses respond to stress initially with physiological changes prior to morphological changes and, after prolonged light deprivation, eventual mortality (Waycott, Longstaff & Mellors 2005) . The potential for seagrass mortality following a severe event is a function of the duration of the event and the ability of the species to survive light deprivation through changes in physiology and morphology (Longstaff & Dennison 1999) . When light deprived, changes in photosynthetic efficiency improves light capture (Dennison & Alberte 1985; Abal et al. 1994 ) so the ability to acclimate physiologically to variable light conditions is an advantage for near-shore coastal species such as seagrass. The ability to survive a severe event therefore may also be a function of the physiological and morphological characteristics that have resulted from the long-term chronic water quality conditions present prior to the event.
The physiological responses to light deprivation that have been reported for seagrass are common to many seagrass species and include increased total chlorophyll content to maximize light capture (Dennison & Alberte 1985; Abal et al. 1994) ; decreased ratio of chlorophyll a to b to improve light absorbance efficiency ; reduced d 13 C signature of leaves due to preferential uptake of the lighter 12 C (Grice, Loneragan & Dennison 1996) , storage of carbohydrate in rhizomes to sustain growth and respiration (Burke, Dennison & Moore 1996) ; and increased maximum quantum yield (MQY) that indicates an increase in photosynthetic efficiency (Beer et al. 2001) .
Following physiological changes, morphological responses to light deprivation can maximize the exposure of the photosynthetic apparatus to light while minimising respiratory demands (Lee & Dunton 1997) . Morphological responses of seagrass to sublethal light deprivation include increased leaf height (Bulthuis 1983 ) and leaf width (Lee & Dunton 1997) and decreased leaf (Ruiz & Romero 2003) and shoot density (Abal et al. 1994) .
In this study, we examined the physiological and morphological responses of 12 Z. muelleri meadows to a severe flood to test two main hypotheses: (i) that the physiological and morphological characteristics of seagrass would differ between meadows along the established chronic water quality gradient, in a pattern consistent with prior acclimations which have been shown to enhance photosynthetic efficiency, and (ii) that physiological and morphological responses to the 2011 flood would differ between meadows in a manner consistent with their position along the water quality gradient.
Materials and methods

S T U D Y A R E A A N D T I M I N G
Moreton Bay in south-east Queensland, Australia, is a subtropical shallow coastal embayment that contains a mosaic of coastal habitats (Olds et al. 2012a) . It is impacted by multiple stressors that operate along multiple gradients (Tibbetts, Hall & Dennison 1998; Bennett, Peterson & Gordon 2009 ). The Bay is bordered on its eastern side by three sand islands that allow exchange with oceanic water through three passages (Fig. 1) . In the west, the Bay is bordered by the mainland from which four main river estuaries discharge. There is a strong water quality gradient across the Bay with elevated nutrients and poor light availability in the western and southern zones adjacent to riverine discharge (EHMP 2010) . In contrast, the eastern zones of the Bay that are proximal to the oceanic passages are typically nutrient limited with saturating light levels and low water residence times. The Brisbane River is the largest river discharging into Moreton Bay ( Fig. 1) and typically contains nutrient and sediment levels well above local and national water quality guidelines (EHMP 2010) . The majority of flow from the Brisbane River runs north from the mouth into the western embayments. The river impacts seagrass meadows in Deception Bay to the north and Waterloo Bay to the south of the river mouth via a small channel (Dennison & Abal 1999) . All sampling was conducted in meadows of eelgrass, Z. muelleri, the dominant species in the Bay (Roelfsema et al. 2009 ). Sampling was standardized to a depth of 0.5-1.0 m below lowest astronomical tide and conducted in the middle of individual meadows at least 10 m from meadow edges. As the tidal range in Moreton Bay is approximately 1.5-2.0 m, maximum submergence of seagrasses at the highest astronomical tide is approximately 2.5-3 m. Surveys were conducted four times throughout 2011 (February, May, August, December), in periods of neap tides, following the major Brisbane River flood in January 2011. Twelve meadows were sampled, chosen to encompass the pre-existing gradient of water quality in Moreton Bay (EHMP 2010; Fig. 1) , with the intent of also capturing a range of exposures to flood waters. The most flood-affected meadows in our study were proximal to river estuaries and were therefore also exposed to chronically poor water quality (EHMP 2010). These meadows, however, were not subjected to the main flow from the river mouth and therefore did not suffer any visible effects from scouring.
Water quality data were collected adjacent to each meadow sampled in the study to assess the level of flood impact. The data were sourced from a local monitoring programme (e.g. see program website EHMP) which collects monthly water quality samples in Moreton Bay. To quantify the level of flood impact, we used a combination of benthic salinity, Secchi disc depth and total nitrogen (TN). These indicators were chosen as representative of freshwater inflow (benthic salinity), water clarity and hence light penetration (Secchi disc depth) and nutrient load (TN). Poor water quality was defined as lower benthic salinity and Secchi disc depth, and higher TN. The January 2011 water samples that are referred to in the results were taken the week following the storm event that led to the flood.
P H Y S I O L O G I C A L C H A R A C T E R I S T I C S
In each sampling period, 15 cores (13.5 cm diameter) of Z. muelleri were collected haphazardly from each meadow, rinsed clean of sediment and stored frozen. In the laboratory, several indicators of physiological status were measured: non-structural rhizome carbohydrates (sugar and starch), leaf carbon stable isotope ratios, leaf chlorophyll concentration (a+b) content, ratio of chlorophyll a to b and MQY.
Non-structural carbohydrates were extracted from six cores from each meadow. Approximately 15 cm of rhizome material was separated from roots and leaves and dried at 60°C for 96 h then ground to a powder. Twenty milligrams of the powder from each core was analysed for soluble sugar following the method of Dubois et al. (1956) . Briefly, sugars were removed from the ground tissue, with two sequential 20-min extractions in 80% ethanol at 60°C. Sugar content of the extract was determined by the phenol-sulphuric acid colorimetric method using sucrose as a standard. Following extraction of the soluble sugars, the starch content of the remaining material was extracted using perchloric acid according to Quarmby & Allen (1989) .
Stable isotope ratios were analysed in two leaves from each of four cores from each meadow. Epiphytes were carefully scraped from the second youngest leaf from two shoots from each core. Samples were dried, ground and analysed with an Isoprime isotope ratio mass spectrometer. The ratio of 13 C/ 12 C was expressed as the relative per mill (&) difference between the samples and international standard (PeeDee belemnite limestone carbonate equivalent).
Maximum quantum yield was measured in situ using a diving pulse-amplitude modulated (PAM) fluorometer (Walz, Effeltrich, Germany). Measurements were made on the youngest mature leaf on six shoots per meadow, 1-2 cm from the top of the leaf sheath (lowermid section). All epiphytic tissue was removed, and the leaf was dark adapted for 5 min (Beer et al. 2001 ) and held 5 mm from the tip of the fibre-optic cable in a dark-adaptation clip to measure the MQY. The 5-min dark-adaptation period was selected following a trial comparison with leaves dark adapted for 10 min. No significant difference was found between the two treatment times (t-test; n = 6, t = 2.22, P = 0.43). Bays. Numbers adjacent to site markers denote their flood impact rank, calculated using water quality data immediately post-flood (January 2011) and combined into one score using principal components analysis (PCA).
Maximum quantum yield was calculated for photosystem II by measuring background fluorescence (F O ) and maximum fluorescence (F m ) after providing a 0.8-s saturating pulse and using the formula
Chlorophyll a and b were extracted from two leaves from each of six cores at each meadow. Epiphytes were carefully scraped from the second youngest leaf from two shoots from each core. A 1-cm 2 section from each leaf was cut, measured and ground in a mortar and pestle in 10 mL of 90% acetone (after Abal et al. 1994) . The sample was left for 24 h in the dark at 4°C and then centrifuged for 20 min at 3600 rpm. The absorbance of the supernatant was measured by a spectrophotometer at 750, 663 and 645 nm and the concentrations of chlorophyll a and b calculated (Dennison 1990 ).
M O R P H O L O G I C A L C H A R A C T E R I S T I C S
Above-ground tissue was separated from below-ground tissue in six cores from each meadow. The number of leaves and shoots was counted, and the average leaf height and width per core was recorded. Epiphytes were carefully scraped from each leaf. Samples were then dried at 60°C for 48 h and weighed to get above-and below-ground biomass. Epiphyte biomass was intended to be included in the analysis; however, the amount removed was very small for all meadows so the analysis was terminated after the first two sample periods.
S T A T I S T I C A L A N A L Y S I S
Three types of analyses were carried out on water quality data: (i) to illustrate the magnitude of the 2011 flood relative to background water quality conditions, the three water quality parameters (benthic salinity, Secchi depth, TN) averaged over 3 months (January, February and March) were compared for each year (fixed) from 2002 to 2011, and meadow (fixed), with permutational multivariate analysis of variance (PERMANOVA; Anderson, Gorley & Clarke 2008) . The results were illustrated using canonical analysis of principal components (CAP). This method maximizes the separation between significant factors of interest (Anderson & Willis 2003) .
(ii) To determine the exposure of the 12 meadows to flood waters, each meadow was ranked according to the water quality conditions in the week following the rainfall that caused the flood in January 2011. The rank was based on the principal components analysis (PCA) score calculated from the three water quality parameters in January 2011. (iii) To determine how water quality differed between meadows over time following the flood, the three water quality parameters were compared between meadows and sampling periods with a two-way PERMANOVA with month (fixed) and meadow (fixed) as factors. Physiological and morphological characteristics were analysed separately, but using the same methods. Each group of characteristics was analysed together to examine temporal variation using PERMANO-VA. Month was the factor (fixed), and water quality (collected in January 2011 post-flood) was a covariate to test for correlation with each group of seagrass characteristics and to examine how they interacted with temporal variation. To do this, a principal component analysis (PCA) score was calculated for each meadow and sampling month, based on Euclidean (log x + 1) similarity measures. If the Month factor in the PERMANOVA was significant, Tukey's post hoc tests were performed to identify differences between months. BEST analyses (Clarke, Somerfield & Gorley 2008) were used to identify the parameters primarily responsible for causing differences over time. All multivariate analyses were based on Euclidean (log x + 1) similarity measures, which include joint absences and are therefore appropriate for examining environmental impacts (Anderson et al. 2011) . Additionally, for each parameter, the mean of all months for each meadow was correlated (Pearson) with January 2011 water quality (right hand panels in Figs 6 and 7) and one-way ANOVA conducted to assess differences between months (left hand panels in Figs 6 and 7) .
The January 2011 flood had a significant negative effect on water quality in Moreton Bay. Multivariate analysis demonstrated that water quality in the 3 months following the flood in 2011 was significantly poorer than water quality in the same 3 months for every other year since 2002 (F = 16.84, P = 0.001; Fig. 2 , see Table S1 and S2 in Appendix S1 in Supporting Information). Long-term water quality was significantly different between meadows (F = 11.34, P = 0.001, Table S1 ) with water quality poorer at meadows closest to the Brisbane River than at meadows further away ( Fig. 3 and Table S2 ).
V A R I A T I O N I N W A T E R Q U A L I T Y C O N D I T I O N S P O S T -F L O O D
Water quality varied between the 12 meadows following the flood (F = 6.12, P = 0.047; Fig. 4 , Table S3 ). Water quality was poorest at meadows in northern Waterloo Bay, immediately adjacent to the Brisbane River mouth, and in northern Deception Bay (for site rankings based on January 2011 water quality see Fig. 1 ). Meadows further from the river mouth in the south eastern bay had the best water quality (Table S4 ). Table S2 ).
Water quality differed significantly between sampling months (F = 32.51, P = 0.004; Table S3), with water quality the poorest following the flood, improving throughout winter (May and August sampling) and declining again with summer rainfall in December (Table S4 and Fig. 5 ).
P H Y S I O L O G I C A L C H A R A C T E R I S T I C S
Seagrass physiological characteristics differed significantly between months (F = 4.29, P = 0.001; Fig. 6a , Table S5 ) and co-varied significantly across the water quality gradient (F = 11.74, P = 0.001; Fig. 6b , Table S5 ). There was no interaction between month and water quality (F = 0.72, P = 0.199). All months differed significantly from each other (Table S6 ). Sugar levels, starch levels, carbon isotope signature (d 13 C), total chlorophyll and the ratio of chlorophyll a:b explained the majority of the variation between months (BEST, P = 0.01, q = 0.877). MQY did not make significant contributions to the model and will not be discussed further.
Rhizome sugar levels were lowest immediately following the flood and increased throughout the year (Fig. 6c) . Sugar levels were highest at meadows with the lowest flood impact (R 2 = 0.51, P = 0.033; Fig. 6d) . Starch levels at all sites were highest in February, were significantly lower in August and returned to initial levels by December (Fig. 6e) . Starch levels were generally highest in meadows with the poorest chronic water quality and most impacted by the flood (R 2 = 0.46, P = 0.015; Fig. 6f ). Rhizome starch concentrations were the dominant non-structural carbohydrate. The leaf carbon isotope ratio (d 13 C) increased following the flood with February samples significantly lower than all other sampling periods (Fig. 6g) . d 13 C were lowest at meadows with the poorest chronic water quality and most impacted by the flood (R 2 = 0.75, P = 0.008; Fig. 6h ). Total leaf chlorophyll concentrations were highest in February, declined throughout winter and increased in December to levels recorded in February (Fig. 6i) . Total chlorophyll values were highest at meadows with the poorest chronic water quality and most Table S2 ).
impacted by the flood (R 2 = 0.41, P = 0.024; Fig. 6j ). The ratio of leaf chlorophyll a:b was lowest in February and December and peaked in May and August (Fig. 6k) . Chlorophyll a:b ratios were lowest at meadows with the poorest chronic water quality and most impacted by the flood (R 2 = 0.48, P = 0.031; Fig. 6l ).
M O R P H O L O G I C A L C H A R A C T E R I S T I C S
The morphological characteristics of Z. muelleri meadows following the January 2011 flood differed significantly amongst meadows across the water quality gradient (F = 3.12, P = 0.031; Fig. 7a and Table S7 ), but did not differ between sampling periods following the flood (F = 1.36, P = 0.209; Fig. 7b ). There was no interaction between meadow and sampling period factors (F = 0.69, P = 0.705). Three of the variables (above-ground biomass (AGBM; Fig. 7c,d ), below-ground biomass (BGBM; Fig. 7e ,f) and leaf height (Fig. 7g,h ) best explained the variation across flood impact levels (BEST, P = 0.01, q = 0.94). For each of these variables, values generally increased with increasing flood impact level (AGBM, R 2 = 0.47, P = 0.036; BGBM, R 2 = 0.54, P = 0.048; leaf height, R 2 = 0.55, P = 0.006). The remaining morphological parameters did not make significant contributions to the model (Fig. 7i-l) and will not be discussed further.
Discussion
To predict the responses of ecosystems to severe events, it is necessary to understand the processes that promote acclimation, particularly for dominant engineering species that provide a basis for whole ecosystems (Arnone et al. 2011) . Our results indicate that phenotypic plasticity within habitat-forming species such as Z. muelleri can play an important role in determining how they withstand severe events. We demonstrate that Z. muelleri acclimates to chronically poor water quality by changing physiological and morphological characteristics and respond to severe events, such as floods, through physiological responses. In the year following the flood in 2011, there was no mortality of Z. muelleri in meadows we sampled. The overall pattern of responses was of physiological acclimations consistent with light deprivation. Physiological characteristics varied between meadows along the water quality gradient and changed consistently at all meadows throughout the year, despite the large discrepancy in impact intensity along the water quality gradient. We did not detect changes in morphology following the flood; however, the most impacted meadows exhibited physiological and morphological characteristics consistent with seagrasses having Meadows ranked by Jan water quality PCA score Fig. 4 . Flood water quality adjacent to each meadow. Data are from January 2011 immediately following the flood, for the three water quality parameters: salinity, Secchi depth (indicating water clarity) and total nitrogen, combined into one score using principal components analysis (PCA) and used to rank each of the meadows from most impacted (1) to least impacted (12) ( Table S4) . Meadows ranked by January water quality PCA score Impact parameters PCA score Fig. 5 . Water quality variation from the four sampling months throughout 2011 following the flood in January. The data from three water quality parameters; salinity, Secchi disc depth (indicating water clarity) and total nitrogen is illustrated using principal components analysis (PCA) and used to rank each of the meadows from most impacted (1) to least impacted (12) ( Table S4 ).
optimized their photosynthetic capacity Collier et al. 2008 Collier et al. , 2009 .
Phenotypic plasticity like that we describe here enables species to cope with varying degrees of stress to avoid mortality (Miner et al. 2005 ) and has become a key factor in understanding the distribution and diversity of organisms along impact gradients (Valladares, Gianoli & G omez 2007) . Generally, short-term physiological plasticity can allow an organism to acclimate to highly temporally variable environmental conditions, with longer-term morphological responses contributing to variation in suitable habitat-forming species (Sultan et al. 1998) . Species that lack sufficient plasticity to maintain growth and reproduction in degraded and variable environments might be at risk of range reductions or localized extinctions (Sultan 2000) . Plasticity can affect a range of direct (e.g. responses to temperature or increased herbivory) and indirect (e.g. trait-mediated effects on predation or grazing rates which cascade to other species) interactions between organisms and their environment and ultimately affect ecological processes and functioning (Miner et al. 2005) . Phenotypic plasticity can be ecologically advantageous for habitat-forming species, with the persistence of such species following severe events likely to promote ecosystem stability (Lloret et al. 2012) .
The physiological and morphological plasticity of Z. muelleri meadows may help them withstand severe weather events; however, it is probable that the relatively short duration of poor conditions, which followed the 2011 flood, also contributed to the persistence of Z. muelleri meadows in Moreton Bay. The length of time seagrasses can withstand periods of (Table S5 and S6); (c-d)rhizome sugars; (e-f) rhizome starch; (g-h) carbon isotope ratio; (i-j) total chlorophyll concentration; and (k-l) chlorophyll ratio a:b. Left side panels shows the mean (AESE) of all meadows per sampling month, different letters indicate significantly different means in post hoc tests. Right side panels show mean of all meadows for all months sampled, plotted against level of flood impact (defined as water quality sampled from each meadow immediately following the January 2011 flood). R 2 and P values given where the relationship is significant. NS denotes not significant.
light deprivation depends on the species studied. For fast growing and opportunistic species such as Halophila ovalis, biomass can decline after 3-6 days, with total shoot loss within as little as 21 days . Larger, longer-lived species (e.g. Posidonia sinuosa) can persist for 3-6 months (Gordon et al. 1994) . For Z. muelleri, Abal et al. (1994) showed that plants survived after 2 months of near total light deprivation. Water quality in Moreton Bay returned to background levels within 2 months of the flood at the most impacted meadows and within a month at the least impacted meadows (see EHMP website), which falls within the temporal limits of light deprivation tolerance for Z. muelleri (Abal et al. 1994) . Had the weather conditions following the flood resulted in a more extended period of poor water clarity, or resulted in a second flood, it is possible that there would have been significant declines in seagrass biomass or large-scale meadow loss similar to that experienced previously in Hervey Bay, a similar coastal embayment in the region. In 1992, Hervey Bay experienced two flood plumes in 3 weeks resulting in 90% seagrass loss (Preen, Lee Long & Coles 1995) . In 1999, Hervey Bay experienced a single flood with a 2-to 3-fold increase in turbidity and nutrients that persisted for 6 months, resulting in 95% loss of seagrass meadows (Campbell & McKenzie 2004) . The duration and frequency of floods also alter community structure in other ecosystems, negatively affecting plant biomass and species composition in wetlands (Casanova & Brock 2000) , and freshwater stream communities (McCabe & Gotelli 2000) . In both examples, higher-frequency (Table S7) ; (a) principal components analysis (PCA) score for morphological variables for each month and (b) site, plotted against the January water quality PCA score (an indicator of level of flood impact). Panels (a) and (b) illustrate the results of the PERMANOVA. Higher January PCA scores denote poorer water quality. Morphological characteristics varied significantly across the water quality gradient (Table S7 ) but did not vary over the four sampling months. Aboveground biomass (c,d), below-ground biomass (e,f) and leaf height (g,h) best explained the variation across the water quality gradient. Shoot (i-j) and leaf (k-l) density did not differ between months or across the water quality gradient. R 2 and P values given where the relationship is significant. NS denotes not significant.
and longer-duration floods selected for species are able to tolerate variable and poor conditions.
The physiological mechanisms that prolonged the persistence of Z. muelleri in our study are similar to those described for other seagrass species: Posidonia oceanica (Alcoverro, Manzanera & Romero 2001) , P. sinuosa (Collier et al. 2008 (Collier et al. , 2009 , Thalassia tesudinum (Lee & Dunton 1997) Halophila ovalis and Halodule pinifolia (Longstaff & Dennison 1999) . The decreasing levels of stored starch following light deprivation reported here concur with experiments on other Zostera species (Alcoverro et al. 1999; Brun et al. 2008 ) and other tropical species in Queensland (e.g. Halodule pinifolia and Halophila ovalis; Longstaff et al. 1999) , showing that starch levels decrease in response to light deprivation. The utilization of carbohydrate stores can sustain seagrasses, while they are exposed to prolonged light deprivation (Dennison & Alberte 1986; Burke, Dennison & Moore 1996) . Based on these studies, we expected that the most flood-impacted meadows would have lower carbohydrate reserves than those less impacted, due to chronically low light levels. Our results showed the opposite, however, with the meadows most exposed to the flood and poor water quality having more than double the levels of starch recorded in less impacted meadows (Fig. 6f ). This confirms that Z. muelleri can photoacclimate to the lower light conditions typically found in the western Bay regions (EHMP 2010). We infer that this characteristic of impacted meadows in the Bay played a significant role in their persistence following the flood.
The starch to sugar ratio in Z. muelleri recorded in this study is much higher than that found in temperate Zostera species such as Z. marina (e.g. Burke, Dennison & Moore 1996; Vichkovitten, Holmer & Frederiksen 2007) and Z. noltii (Vermaat & Verhagen 1996) , where soluble sugars are the dominant stored carbohydrate. This could simply reflect differences between species but could also reflect differences between subtropical and temperate regions, since in the latter, seasonal gains and losses in photosynthetically derived carbohydrate supply stem from highly seasonal light fluctuations. In contrast, previous studies in Moreton Bay have shown little seasonal variation in seagrass biomass (Boon, Moriarty & Saffigna 1986) , which most likely results from a less-pronounced seasonal trend in light availability (Longstaff 2003) .
The leaf carbon isotope ratio (d 13 C) increased at all meadows as conditions improved. This is similar to previous experimental studies of local seagrass species that showed that the d 13 C signature of seagrass leaves decreased during light deprivation (Abal et al. 1994; Grice, Loneragan & Dennison 1996; Longstaff et al. 1999) . This is probably due to the preferential uptake of 12 C over 13 C in low light as less energy is expended in the process ) and a greater total demand for carbon at higher light intensities that lessens discrimination among the isotopes and leads to a greater relative uptake of 13 C (Grice, Loneragan & Dennison 1996 ). An alternative explanation for the reduced d 13 C in the meadows most impacted by poor water quality is input to the meadow of 13 C deplete carbon from decomposing terrestrial organic matter (Hemminga & Mateo 1996) . Seagrass meadows adjacent to mangrove forests, for example, can have lower d 13 C signatures than meadows further away (Bouillon, Connolly & Lee 2008 ). The more negative d
13
C signatures we recorded immediately following the flood and the subsequent increase through the year may also reflect the decreasing influence of the flood run-off over time.
The 2011 flood in Moreton Bay was one of the larger floods in the past 100 years (van den Honert & McAneney 2011). However, when compared to the severe deleterious effects that the previous large flood in 1974 had on seagrasses (Kirkman 1978) and corals (Lovell 1989) in Moreton Bay, both habitats have persisted with minimal ill effects from the 2011 event (Olds et al. 2012b) . It is possible that this is because the 1974 flood plume persisted for longer than in 2011; however, it is also possible that the existing distribution of seagrass in Moreton Bay has been reduced to areas not as heavily impacted by the poorest conditions following severe flood events. The majority of seagrass loss in the Bay has occurred in Bramble and Deception Bays, the regions most impacted by river run-off (Dennison & Abal 1999) . Despite this, with the predicted increase in episodic rainfall and severe events for south-east Queensland (CSIRO 2007; Cai & Rensch 2012) , the existing seagrass meadows of Moreton Bay remains at high risk.
Severe events, such as floods, have the capacity to exert disproportionately large effects on the structure and functioning of ecosystems (Jentsch & Beierkuhnlein 2008) . Nevertheless, our results indicate that physiological and morphological diversity within habitat-forming species, such as Z. muelleri, can play an important role in determining their capacity to withstand such events. Phenotypic plasticity of the type we recorded can increase the length of time seagrass can persist below minimum light requirements (Abal et al. 1994; Grice, Loneragan & Dennison 1996) . This may explain why seagrass biomass, shoot or leaf density did not decline following the flood, particularly in the meadows most impacted by the flood plume. The broad physiological and morphological variation between seagrass meadows in the study area suggests wide tolerance in the responses of Z. muelleri to periods of light deprivation. This plasticity is likely to be a key aspect of its long-term survival and dominance along the tropical east coast of Australia. It is also anticipated to be critical for the persistence of other habitat-forming species after severe disturbance events.
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